ethylene vinyl chloride. Fish were not fed on the day of sprint trials and were transferred in batches of 10 to the flume containing either hard or soft control water. Water temperature in the swim flume was identical to the exposure system from which fish were removed. After an initial orientation period of 5 min at 1 body length (BL)/s, water velocity was increased over 2 min to 6 or 8 BL/s in soft and hard water, respectively. Fish were removed when they became exhausted, and time to fatigue, fork length, and fish weight were recorded. Fish were considered exhausted when they became impinged on the back screen and would not swim after being manually reoriented toward the current.
Gill Cu-binding characteristics. Three different approaches were used to measure short-term Cu uptake by the gills in vivo: 3-h exposure to hard-water Cu solutions ranging in concentration from 30 to 1,050 g/L Cu (N ϭ 6 per exposure), 0.5-to 2-h exposures to hard-water Cu solutions ranging from 120 to 430 g/L Cu (N ϭ 4 per exposure and time interval) with radiolabeled 64 Cu (specific activity 3.9-16.1 KBq/g), and 3-h exposures to 64 Cu-labeled solutions ranging from 2 to 30 g/L Cu (specific activity of 79-407 KBq/g) in hard water (N ϭ 4 per exposure) and 1 to 17 g/L (specific activity of 73-578 KBq/g) in soft water (N ϭ 10 per exposure). McMaster Nuclear Reactor, Hamilton, Ontario, Canada, supplied the 64 Cu. The first approach was derived from the method of Playle et al. [19] for measuring gill surface metal binding in vivo in soft water. An exposure time of 3 h was used because Playle et al. [19] found that gill Cu levels in vivo had reached equilibrium at this time. Relatively high Cu levels were used to allow detection of gill Cu above background levels and also to ensure that sufficient free Cu 2ϩ ion was available in the water for binding to the gills in hard water. Background gill Cu (gill Cu before exposure) was subtracted from the amount found on the gill after the 3-h exposure to determine the newly accumulated copper. The second approach was employed to increase the resolution of gill Cu measurement in hard water. The third approach was used because the first two approaches did not reveal saturable gill binding sites on the gills. Radioactivity in gill tissues, whole bodies, and acidified water samples was measured in a well-type gamma counter with a 7.62-cm NaI crystal (Packard Minaxi Auto-Gamma 5000 Series, Packard Instruments, Meridan, CT, USA).
Calculations
Growth. Growth was calculated from periodic measurements of bulk weights. The data were best represented by the exponential curve: bt wt(g) ϭ ae where t ϭ time (days), a ϭ length (cm), and b ϭ growth coefficient expressed as %/day. The 95% confidence limits for b were calculated using the statistical package SPSS for Windows, Release 8.0.0.
Swimming performance. The following steps were used to calculate fatigue times in the sprint tests according to procedures outlined in McDonald et al. [18] . Sprint times were first sorted in ascending order against rank. Time was converted to log time, and rank was converted to percentage fatigue and then to probit fatigue. A linear regression of probit fatigue (X) versus log time (Y) yielded slope Ϯ 95% CL and intercept Ϯ 95% CL for the line. These data were used to calculate the time to 50% fatigue with 95% confidence limits.
Gill Cu binding. Newly accumulated copper concentrations in the gill were calculated based on the accretion of radioactivity in the gill:
where 64 Cu gill ϭ radioactivity of the gill in KBq/min, W ϭ gill mass (g), and SA ϭ specific activity of the water in KBq/ g.
Statistics
All data presented are means Ϯ 1 standard error (SE) except for LC50, growth, and swim performance, where means and 95% confidence limits are given. For the exceptions, a Student's t test (two-tailed, unpaired) was used to test for significant differences, employing a Bonferroni adjustment for multiple comparisons to the t value. The LC50 values were determined by linear functions relating the log concentration of copper to probit transformation of percentage mortality (U.S. Environmental Protection Agency, Washington, DC). The Probit Analysis Program, Version 1.5, was used for calculating lethal concentration/effect concentration values. All other data were analyzed for statistical significance by analysis of variance followed by a Student-Newman-Keuls ranking test for means of equal and unequal sample size. Significance was set at p Ͻ 0.05.
RESULTS

Acute toxicity
Based on published LC50 data for salmonids ( Fig. 1) , our rainbow trout population was particularly sensitive to Cu, especially in soft water. Both our hard-water and soft-water LC50s for control fish were well below the incipient lethal concentrations for other rainbow trout (Fig. 1, line 1) , and in soft water were even lower than the most sensitive salmonid species (Fig. 1, line 2) , as reported by Spear and Pierce [2] .
Furthermore, while we confirm that Cu was more toxic in soft water than in hard water, the effect of hardness was much greater in our study than in previous studies. Copper was approximately 20 times more toxic in soft water than in hard water for 1-to 2-g trout, whereas the literature predicts only a fivefold difference (Fig. 1, line 1 or 2) . However, after 10 weeks of further acclimation in soft water, trout were only six times more sensitive to Cu in soft water than in hard water.
Chronic toxicity
Mortality. In hard water with 60 g/L Cu, 3% of the fish died during the exposure period, whereas the controls and the fish exposed to 20 g/L Cu had exhibited less than 0.5% mortality. Most of the Cu-induced mortalities occurred within 5 d of exposure to copper in hard water. In contrast, in soft water, mortality was 10% after 15 d of exposure in all three treatments (independent of Cu exposure) and continued at a low rate until day 30.
Acclimation. In hard water, only the 60-g/L-Cu group showed significant acclimation to Cu after 30 d of exposure. These fish were approx. 1.7 times more resistant to Cu than were control fish, with a 96-h LC50 of 153.0 g/L (95% confidence limits, 147.8-165.0) versus a 96-h LC50 of 91.0 g/ L (65.9-107.6). In contrast, neither exposure to Cu in soft water resulted in a significant increase in copper tolerance: The LC50s for trout in soft water averaged 16 g/L after 30 d of exposure. 
Performance measures
Growth. Even though our fish were particularly sensitive to copper in terms of acute toxicity, overall growth of the survivors was not affected throughout the metal exposure in either hard or soft water (Table 2 ). There was also no evidence of an initial growth reduction during the first 10 d of Cu exposure. Growth rates in hard water ranged from 2.9 to 3.1%/day from a starting weight of 1 to 2 g and from 3.1 to 3.4%/day in soft water from a larger starting weight of 5 to 6 g. The slightly higher growth rate in soft water was probably due to the 3ЊC higher temperature.
Sprint performance. Sprint performance was not impaired by Cu exposure in either hard or soft water (Table 2 ). In fact, fish exposed to Cu sprinted for longer times than unexposed fish.
Condition measures
Whole-body electrolytes. Immediately before Cu exposure, whole-body Na ϩ and Cl Ϫ concentrations were identical between hard-and soft-water fish (Na ϩ and Cl Ϫ ϳ 50 and 40 M/g, respectively). Upon Cu exposure, there was no initial or subsequent decline in whole-body electrolytes in either hard or soft water.
Tissue residues. Before Cu exposure, the body Cu content and its distribution were similar in both hard-and soft-water fish. The liver had the highest levels of Cu (up to 15 g Cu/ g wet tissue in controls) of any tissue measured, which represents 10 and 22% of the whole-body content (0.78 g Cu/ g) in hard and soft water, respectively. Gill Cu was lower than liver Cu and was virtually the same in hard-and soft-water fish (1.4% of the whole-body content) despite the fact that background gill Cu in hard water was sixfold higher than in soft water (3.0 vs 0.5 g/L).
Gills of fish exposed to 60 g/L copper in hard water had significantly elevated Cu at all times starting at day 2 (Fig. 2) . In contrast, gill Cu of fish exposed to 2 g/L in soft water were only significantly higher than controls at day 30. In general, gill Cu burdens reflect the exposure Cu concentrations (fourfold higher Cu burden in hard water vs soft water at the highest Cu exposure level; Fig. 2 ).
In contrast, the livers did not show this difference between hard and soft water, with ϳ35 g Cu/g wet tissue at the highest Cu exposure concentrations (Fig. 3) . Nonetheless, the liver burdens did increase over time with Cu exposure within each water chemistry. In hard water, liver Cu of the fish exposed to 60 g/L was significantly elevated at days 2, 20, and 30. Livers in the 2-g/L soft-water treatment showed significantly higher Cu content only at days 20 and 30. Although the gills and livers accumulated Cu, the amounts were small enough to have no detectable effect on whole-body Cu above the increase seen with growth. In hard and soft water at day 30, the whole-body Cu burden in all fish averaged 1.1 and 1.7 g Cu/ g wet tissue, respectively.
Gill Cu-binding characteristics
Naive fish. Hard-water-acclimated fish, naive to Cu and exposed for 3 h to cold copper (30-1,050 g/L, no 64 Cu), showed no detectable accumulation of Cu on their gills (beyond background levels) with exposures up to 185 g Cu/L (Fig. 4A) . Only at 1,050 g Cu/L was there significant accumulation (ϳ sixfold vs background of 0.5 g/g). The second experiment using 64 Cu (120-430 g/L; Fig. 4B ) was able to detect the accumulation of new Cu at 120 g Cu/L and showed that Cu accumulation was approximately linear over the range of Cu employed at each of the exposure times tested (0.5, 1, and 2 h). However, the amount bound to the gills at each concentration also increased with time (Fig. 4B) , suggesting either that the loading of Cu on surface sites was slow or, more likely, that Cu was going beyond surface sites to enter the gill tissue.
Only in the third experiment (2-25 g Cu/L) did we see clear evidence of saturable binding of copper to the gills in both hard and soft water (Fig. 4C) . The binding sites were high affinity and low capacity (but higher capacity in soft water compared to hard water) and saturated at ϳ15 g/L Cu. Indeed, at only slightly higher Cu (ϳ23 g/L) in hard water was there a sharp increase in gill Cu, suggesting the appearance of a second type of binding on (or in) the gills. In fact, the value at 23 g/L fits directly on the line established in the second experiment for gill binding by 2 h (Fig. 4B) .
The binding characteristics of the high-affinity sites (binding capacity, B max and affinity, K gillϭCu ) were approximated as follows. First, the B max values in hard and soft water were estimated visually to be 0.038 and 0.12 g Cu/g, respectively (the point on the y-axis where the concentration of Cu on the gill does not increase when the water Cu concentration is increased; Fig. 4C ). Second, a Langmuir adsorption isotherm,
gillϭCu was fitted to the data using the estimated values for B max (g/ g), [Cu] ϭ total dissolved copper (g/L), and gill Cu (g/g). Finally, the binding affinity (K gillϭCu ) was determined from the isotherms as the concentration of total [Cu] needed to produce half-saturation of binding sites. This method yielded K gillϭCu of 2 and 1 g/L Cu for hard and soft water, respectively. Effects of chronic Cu exposure. Chronic Cu exposure in hard water had distinct effects on gill Cu dynamics. Chronic gills accumulated more Cu than naive gills when gills were challenged with Cu concentrations substantially above acutely toxic levels (an increase in gill Cu binding capacity; Fig. 5A ). For example, at an acute Cu of 185 g/L, the chronic gills (chronically exposed to 20 and 60 g Cu/L) exhibited net Cu accumulation of 0.63 Ϯ 0.18 and 0.86 Ϯ0.26 g/g, respectively Table 3 . Summary of copper-binding affinities (log K gillϭCu ; log of the inverse free Cu ion concentration, in moles/L, required to produce half saturation of binding sites) and capacities (B max , nmol/g) determined in soft water (Ca 2ϩ ϳ10 mg/L) in this and other studies using a range of total dissolved Cu from 0 to Ͻ30 g/L. In the present study, the assumptions for the calculation of binding affinities were that there were 0.05 mol binding sites per mg DOC/L [10] and that pH of the gill microenvironment was 7. 5 a Gill Cu background levels were 8 to 12 nmol/g.
To this framework, we can now add two new conclusions. First, Cu concentrations in the water must exceed a certain threshold value before significant tissue accumulation will occur. Only the high Cu concentrations in soft and hard water (2 and 60 g/L, respectively) produced elevated gill or liver tissue levels. Since we know from our 64 Cu experiments that Cu was absorbed from the water into the blood in all exposures (L.N. Taylor, unpublished results), the absence of net accumulation in two of the four exposures suggests that the fish were precisely regulating Cu balance. The threshold thus represents the point at which Cu homeostasis begins to fail. This, by itself, suggests that tissue accumulation is not likely to be an especially sensitive indicator of low-level Cu exposure, which is not surprising since Cu is an essential metal. Second, gill Cu appears to be a more sensitive tissue indicator for waterborne Cu exposure than the liver for at least three reasons: The high background Cu levels in the liver (30 times greater than the gills) means that it is more difficult to detect a net increase in liver Cu (Fig. 2 vs. Fig. 3 ), when the gills accumulate Cu they appear to reach steady state more rapidly than does the liver (Figs. 2 and 3) , and gill Cu tends to more accurately reflect the water Cu concentration, as represented by a fourfold higher Cu level in gills between the highest water Cu levels in hard and soft water but with virtually no difference in liver Cu content.
Copper binding by the gills. In this study, we used shortterm (3-h) Cu exposures to assay the Cu-binding characteristics of the gills in hard and soft water. We found that the only practical way to perform this assay uniformly in hard and soft water was to use 64 Cu. Water Cu concentrations had to be elevated to acutely toxic levels otherwise, at least in hard water (Fig. 4A) , in order to detect an increase in gill Cu above background. The use of 64 Cu permitted the detection of small increases in new Cu on or in the gills within a 3-h period. Furthermore, this approach yielded important insights into gill Cu dynamics (relevant to biotic ligand modeling of Cu toxicity; see the following discussion) and how binding characteristics change with soft water acclimation and with chronic sublethal Cu exposure. Indeed, these were the measurements in the present study that were able to detect effects resulting from three out of four chronic copper exposures.
Nature of gill Cu accumulation. The radiotracer experiments (Figs. 4B and C) identified two different types of binding sites on the gills for copper: low-affinity, high-capacity sites (nonsaturating over the range of Cu levels used; Fig. 4B ) and high-affinity, low-capacity sites (saturating at very low Cu concentration; Fig. 4C ). The former are, in fact, similar to sites characterized by 5-min Cu exposure in vitro ( [36] ; Table 3) as indicated by the dashed line in Figure 4B . Reid and McDonald [36] demonstrated that these sites do, in fact, saturate, but at very high Cu concentrations (Ͼ1,500 g/L). Their low affinity suggests that they are not very specific to copper and may, in fact, reflect a mixture of different binding sites. Furthermore, they are not likely to accumulate Cu at environmentally realistic exposure levels. Consequently, recent investigations have focused on the high-affinity Cu-binding sites for the purpose of modeling the effects of Cu on the gills, specifically the interaction between water chemistry, gill metal burden, and toxicity. This approach [12] [13] [14] [15] has recently been termed Biotic Ligand Modeling (BLM; D. Di Toro et al., unpublished data) and is seen as providing a more mechanistic basis for predicting toxicity of Cu to aquatic biota than the use of only hardness-adjusted relationships between toxicity and total dissolved Cu (Fig. 1) . The BLM approach assumes that the gill ligands have their highest affinity for the free metal ion (e.g., Cu 2ϩ versus CuOH ϩ ) and that binding is competitive so that cations that compete with Cu 2ϩ (e.g., Ca 2ϩ ) or anions that complex Cu 2ϩ (e.g., DOC, OH Ϫ ) will reduce the amount of metal bound to the gill ligand. Thus, once the binding capacity and affinity of all the ligands, including the gill, have been determined, these values can be used to calculate gill metal burden in relation to the concentration of free Cu 2ϩ . Free Cu 2ϩ ion can be calculated with a geochemical modeling program such as MINEQLϩ [37] .
Previous estimates for the Cu-binding properties of the high-affinity ligands are shown in Table 3 . To simplify the making of these estimates, previous investigators have used slightly acidic and very soft water (Ca 2ϩ of Յ 10 mg/L). These conditions ensure that most of the Cu is in the free-ion form (Ն80% at pH Ͻ 7.0) and that competitive and complexing compounds are kept to a minimum. Parenthetically, this approach also ensures that sufficient Cu is accumulated so that it can be detected against background levels in the gills (8-12 nmol/g) without the use of 64 Cu. Note that the binding characteristics (log K gillϭCu and B max ) for fathead minnow gill [13] are very similar to those of the rainbow trout and brook trout [15] , although different durations of exposure were employed. In contrast, we estimated a much lower value for B max in the present study; 1.9 versus 30 nmol/g. Partly this is because the latter value includes a background Cu of 8 to 12 nmol/g, whereas ours does not, but even then there is a 10-fold difference between the two estimates. In addition, Grosell and co-workers [38] reported a naive gill filament saturation level of ϳ1 g Cu/g dry weight in the same hard water used in this study. This value converts to ϳ3.2 nmol/g wet weight, which is a fivefold difference from our B max in hard water (0.6 nmol/g). Our log K gillϭCu estimate for rainbow trout is higher than the previous estimate by MacRae et al. [15] (7.9 vs 7.6), but this estimate is subject to the most error. In fact, ours need have been only 1 g/L total dissolved copper greater than the estimated value of 1 g/L (Fig. 4C) to yield an identical log K to MacRae et al. [15] . Furthermore, the acute toxicity of Cu (measured under similar water chemistry conditions) was similar between the two studies. After 24 h at 20 g Cu/L, we obtained 50% mortality versus 75% mortality in the MacRae et al. study [15] . This comparison of toxicity and ligand-bind-ing properties suggests that it is log K gillϭCu rather than B max that is the key determinant of toxicity, that is, the percentage saturation of binding sites rather than the absolute total number of sites.
To date, no other studies have attempted measurement of Cu binding to the gills in more complex water chemistry to test the validity of the BLM. We have, and we show that in hard water the estimated B max is much lower but that the affinity is much higher (Fig. 4C and Table 3 ). The lower B max is not surprising because the binding curve in hard water incorporates the competitive effects of Ca 2ϩ and complexation due to DOC. The higher affinity is surprising, especially in the light of the reduced toxicity of Cu in hard water (Fig. 1) . One possible explanation is that calcium, which is known to be important for regulating membrane permeability and increasing the stability of membrane proteins, may actually regulate both the number and the affinity of binding sites on the gill surface. Whether this effect is actually occurring in the gill epithelium and whether it is acute or chronic is unknown. However, the fact that the acute toxicity to Cu decreased dramatically over 10 weeks of acclimation to soft water ( Fig. 1 ) does suggest that chronic exposure to low Ca 2ϩ modified gill binding properties for Cu and that the rate of this change was fairly slow since the first test of toxicity was not conducted until two weeks of soft-water exposure. Moreover, if the response to Ca 2ϩ reduction were a gradual reduction of the affinity of gill surface ligands for divalent cations, then such a modification would be protective against an exposure to Cu. In any case, the present biotic ligand model lacks any mathematical way of incorporating modulating effects (as opposed to competitive effects) of environmental Ca 2ϩ on gill surface ligands and thus, at least implicitly, must assume that such regulation by Ca 2ϩ does not occur.
Another way of testing the validity of the BLM approach is to test whether, in fact, any changes in acute Cu tolerance due to chronic Cu exposure are accompanied by changes in ligand binding. We confirmed that there was an alteration in gill binding in the group that showed increased lethal resistance after chronic exposure to 60 g Cu/L. The alteration was characterized by an apparent increase in capacity in both the lowand the high-affinity binding sites (Figs. 5A and B, respectively). However, the most substantial, and arguably most protective, change in gill Cu binding (a large decrease in affinity) was seen in the 2-g/L group in soft water (Fig. 5C ), for which there was no increase in lethal resistance. Thus, while we show that gill ligand-binding properties are sensitive to modification by chronic Cu exposure (an increase in binding capacity or decrease in affinity), the relationship of these responses to the presence or absence of acclimation remains unclear.
CONCLUSIONS
The present study leads to four conclusions that are directly relevant to the task of assessing the risk of chronic copper exposure to wild fish populations. First, we confirm that gill Cu burdens are a reliable indicator of chronic Cu exposure (superior in this respect than liver burdens) but that other physiological indicators, such as growth, ion loss, and swim performance, may be less reliable because of the important effect of ration quantity (and possibly quality) on their expression. Second, the presence of increased resistance to Cu in a wild population may also be a reliable indicator of chronic exposure, but only in hard-water environments. In soft waters, the combined effect of increasing Cu toxicity and the added stress associated with soft-water exposure appear to favor lethality over acclimation. Third, the protracted period of soft-water acclimation seen in the present study suggests that, at the very least, laboratory studies of the effects of water hardness on Cu toxicity may need to be re-evaluated (Fig. 1) . It is entirely possible, for example, that the hardness relationship would be quite different if tested on fish native to soft-water environments compared to fish native to hard-water environments; that is, the effects of increasing hardness might be quite different from the effects of decreasing hardness. Finally, although changes in gill Cu-binding characteristics offer the most promise for assessing the effect of chronic copper exposure, there is as yet no clear-cut relationship between water chemistry, gill Cu binding, and toxicity. Clearly, more careful and detailed studies are required to resolve these apparently contradictory findings and to derive a compromise set of constants that best predicts both metal accumulation by the gills and resulting toxicity over a wide range of different water chemistries.
